There have been significant strides in our knowledge of the effects of toxicants on birds. This communication presents a brief review of avian toxicology with emphasis on effects of common toxicants that disrupt endocrine system function and control of reproduction, growth, development, stress and calcium-phosphorus homeostasis. For those hormonal systems that act through hypothalamic-pituitary axes, we emphasize current knowledge of the axis``level'' at which the toxicants alter endocrine control. The classes of toxicants discussed are acid rain andyor aluminum, organochlorines such as polychlorinated biphenyls (PCBs), fungicides and insecticides, mycotoxins, (PCBs) and petroleum. The use of several types of avian models for endocrine disruption studies is discussed in the context of utility and practicality, developmental modes, species sensitivity and the choice of sentinel species. Promising new approaches for avian toxicological research are considered including shell-less embryos, continuous-flow administration of toxicants to avian embryos, gene microarrays, proteomics and metabolomics.
INTRODUCTION
In the 1960s, populations of wild birds showed dramatic declines. This, in association with environmental pollution, led to long-range interests in avian toxicology and more recently to investigating chemical pollutants that may cause endocrine disruption in avian species. Historically, concerns focused on increased mortality of birds, in particular the bald eagle, and whether the embryonic mortality associated with eggshell thinning was caused by pollutants such as DDT and other organochlorines (toxicant names and abbreviations are listed in Table 1 ). In recent years, awareness of the toxic effects of many chemicals, in conjunction with regulatory legislation and cleanup efforts, have greatly reduced the exposure of wild animals to many chemicals. Overt toxic effects have been greatly reduced. However, sustained exposure to sublethal concentrations of some chemicals may cause endocrine disruption with consequent downstream effects on development and the regulation of physiological processes. Thus the nature of the problems have changed. This paper will address the use of avian models in toxicological research with particular reference to the interaction of toxicants with the endocrine system. In Part A, we will review the literature on avian toxicology and endocrine disruption, in relation to several endocrine axes, with categories of toxicants as subsections. Figure 1 provides an exonplar model of the endocrine axes with the anatomical loci (levels) at which toxicants may exert their effect. The hormone names and abbreviations for each axis considered are Avian and Poultry Biology Reviews 14 (1), 2003, 21 ± 52 *To whom correspondence should be addressed: Table 2 . In Part B, we will consider different avian species as models for toxicology and endocrine disruption studies and discuss several promising new investigative techniques. Many toxicological studies have demonstrated that developing organisms are more vulnerable to toxicants than are adults, so we will emphasize how different life stages are critical to our understanding of toxicant effects and to the choice of avian models. Likewise different avian species have different sensitivities to chemical effects. Historically, ecotoxicologists have adopted the use of certain species as``sentinels'' or ecologically useful models. The sentinel species is chosen to re¯ect the potential for harm to a wide range of wildlife species. Adoption of acceptable model species by regulatory agencies may be based on different criteria than those used for choosing sentinel species, and agency choices may have a profound effect on the nature of scienti®c investigations that are performed.
PART A. A GENERAL REVIEW OF AVIAN TOXICOLOGY AND ENDOCRINE DISRUPTION 2. GENERAL CONSIDERATIONS OF MAJOR TOXICANTS

Acidityyaluminum
Environmental contamination by acid rain has been proposed as one of the factors responsible for declines in wild bird populations (Nyholm, 1981) . Oxides of sulfur and nitrogen, released into the atmosphere by the combustion of fossil fuels, contribute to acid rainyprecipitation which is de®ned by pH55X6 (Ghelardi and Murphy, 1981) . Acid precipitation is accompanied by considerable increases in the availability of aluminum as it is soluble at acid pH and which has the potential of exerting a toxic effect (Driscoll and Schecher, 1989) . Thus, it is not clear whether the toxic effects of acid precipitation in wild birds are due to acidity per se or to aluminum toxicity.
Polychlorinated biphenyls (PCBs)
A number of chemical contaminants of concern are examples of polyhalogenated aromatic hydrocarbons (PHAHs), which are persistent and lipophilic and thus accumulate up the food chain. Among PHAHs, PCBs account for a large proportion of the organochlorine contaminants in highly polluted areas of North America and Europe. In this review, we focus on PCBs as an example of a category of PHAHs that are thought to cause endocrine disruption resulting in developmental and physiological problems. Although PCBs are no longer produced, their persistence in the environment means that environmental exposure to these chemicals will continue to be a problem in the future.
The toxicity of PCBs varies with the speci®c congener and the nature of congener mixtures as well as dosage, the species exposed and the life stage at which the exposure occurs. There are 209 PCB congeners. These can be generally grouped into coplanar and non-coplanar categories. Coplanar congeners have chlorine atoms in positions that permit the phenyl rings to rotate around the bond between the phenyl rings and potentially be in the same plane. In the non-coplanar congeners, the steric hindrance of the chlorine atoms generally prevents the phenyl rings being in the same plane (for review see, Safe, 1990) . The four coplanar PCBs are the most toxic and the most dioxin-like of the PCBs. Commercially produced PCBs are mixtures of many congeners so the nature of the mixtures used in speci®c commercial and industrial applications plays a large role in the nature of environmental PCB contamination in different geographical locations. Coplanar PCBs which act through the aryl hydrocarbon (AhR) receptor induce hepatic biotransformation enzymes in mammals (Safe, 1990) . This also is the case for birds. Hepatic activity of ethoxyresoru®n-O-dealkylase (EROD), a Phase I biotransformation enzyme, induced by coplanar PCBs is correlated with total PCB exposure in wild birds (Rattner et al., 1993; .
The relative toxicities of different PCBs have been established from studies of mortality in chicken embryos, which are highly sensitive to PCBs (Brunstrom and Anderson, 1988; Brunstom, 1991) .
When coplanar PCBs are injected into the yolk early in incubation, the coplanar PCBs are much more toxic than are non-coplanar congeners. For example, PCB 126, the most dioxin-like congener, is three fold more toxic than PCB 77 and 50 fold more toxic than PCB 169; the LD50s being 3.1, 8.6 and 179 mg/kg (parts per billion ± ppb), respectively. These authors reported LD50s for embryos $ 1000 fold higher (in the parts per million ± ppm range) for the commercial PCB mixture Aroclor 1248. There are species differences in the mortality caused by a single PCB congeners (see Section 9.2). In general, adult birds are less vulnerable to PCBs than are developing young. Whole body concentrations of total PCBs for wild-caught birds have been as high as 9600 ppm in Europe and 14,000 ppm in North America (Peakall, 1986) . However, few studies have measured tissue PCB concentrations, so it is dif®cult to evaluate the actual exposures of animals at different life stages in different studies.
PCBs are very persistent both in the environment and in animals. They are lipophilic and hence are stored in body fat. Studies in which PCBs are added to the diet clearly demonstrate that PCBs are absorbed and they can subsequently be transferred from the hen into eggs where they affect developing embryos (see, for example, the studies of Rehfeld et al., 1971a,b; Britton and Houston, 1973; Cecil et al., 1974) . Investigations of the relationships between maternal PCBs and their deposition into eggs have shown that egg PCB concentrations are 6 ± 8% of those in maternal fat in chickens and 42% of those in the maternal body in Mallard ducks (Peakall, 1986) . Sustained exposure to PCB doses below toxic levels may result in endocrine disruption. This will be discussed further in Sections 3.2., 4.2. and 5.2.
Mycotoxins
There are multiple mycotoxins that potentially in¯uence poultry or wild birds. Of these, a¯atoxins have received the most attention. These mycotoxins are produced by the molds, Aspergillus¯avus and A. parasiticus, which can contaminate corn. Addition of a¯atoxin, in the form of spent culture media containing cultures of Aspergillus avus, to poultry feed has marked effects on reproduction that will be discussed in Section 3. It should be noted that the cultures of Aspergillus avus also produced cyclopiazonic acid. This acid has been reported to exert toxic effects independently of the a¯atoxin (Smith et al., 1992) . Therefore, the published data should be interpreted with caution because the toxic agent could be a¯atoxin or another component of the culture. Ochratoxin is a common mycotoxin produced by Asperigillis and Penicillium that in¯uences growth (see Section 4.3).
There are also toxic effects of another group of mycotoxins, the fumonisins, on birds. The fumonisins (B1 A1, A2, B1, B2, B3, and B4) are produced by Fusarium monoliforme. Other mycotoxins produced by Fusarium include Deoxynivalenol (vomitotoxin) and T-2. These mycotoxins affect avian growth (see Section 4.3).
Petroleum
The petroleum considered in this review consists of the various compounds present in crude petroleum released into the environment following major oil spills or slow seepage from natural deposits or oil industry storage or extraction sites. Exposure of marine and estuarine birds to oil spillage is associated with mortality.
EFFECTS OF TOXICANTS ON REPRODUCTION AND REPRODUCTIVE HORMONES
There are numerous reports on the reproductive effects of toxicants on birds. Figure 1 summarizes the possible sites at which toxicants can act on endocrine control axes such as the hypothalamic-pituitary-gonadal (HPG) axis (also see Table 2 ). While two avian GnRHs exist and both these, GnRH-I and GnRH-II, stimulate LH release (Chou et al., 1985; Millar et al., 1986; Sharp et al., 1990) , GnRH-I appears to the more important physiologically for stimulating LH release. This is based on the relative amounts of hormone present in and released from the median eminence (e.g. Mikami et al., 1988; Wilson et al., 1990; Li et al., 1994; Millam et al., 1998) .
The ®eld of``endocrine disruption'' began with the awareness that some chemicals could act as estrogen mimics or blockers by binding to steroid receptors.
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Toxicant A Hypothalamus @A axes. LH ± luteinizing hormone; LHRH ± LH releasing hormone; FSH ± follicle stimulating hormone; E 2 ± estradiol; P 4 ± progesterone; T ± testosterone.
Although toxicants acting by this mechanism have received a great deal of attention, reproductive endocrine disruption also can occur by a variety of other mechanisms. Knowledge of the many chemicals that can disrupt both male and female reproductive processes in mammals has developed rapidly (for example, see Naz, 1999; McLachlan, 2001) . Many estrogenic chemicals (phytoestrogens, as well as synthetic chemicals), that are environmental endocrine disruptors in mammals, in¯uence reproduction by binding to one or both estrogen receptors (ERa and ERb). It seems likely that the same will be the case for birds. For instance, the soy phytoestrogen, genestein, binds to both the human ERa and ERb) but has a much lower potency compared to estradiol 17b for binding to the ERa and a somewhat lower potency for the ERb (potencies of 0.64% and12.6% respectively; calculated from Kuiper et al., 1998) . In addition to estrogenic chemicals (e.g. DDE, a degradation product of DDT), there also are anti-estrogenic (e.g., dioxin; Safe, 1999) and anti-androgenic chemicals (e.g. the fungicide, vinclozolin; Kelce and Gray, 1999) . Most investigations of how these chemicals disrupt reproductive endocrinology have been conducted on mammals and have focused on chemicals that bind to estrogen or androgen receptors , i.e. the focus has been on interference with the actions of steroid hormones on their target tissues. However, there is growing awareness that some chemicals disrupt reproduction by other mechanisms, such as altering enzymes involved in hormone production or through toxic effects on endocrine cells (Hoyer, 1999; Kelce and Gray, 1999 ). An extensive list is available of chemicals that are putative disruptors of reproduction (Kleinow et al., 1999) . Reproductive endocrine disruption in mammalian systems, including clinical implications for human health, is discussed extensively in a volume edited by Naz (1999) and reproductive disruption in some oviparous vertebrates has been reviewed by several authors (Feyk and Giesy, 1998; Fairbrother et al., 1999; Kleinow et al., 1999) . Of particular concern are chemicals that act as hormone analogs or antagonists and thereby alter the hormonal balance during the period when sexual differentiation and organization are occurring. This has been a primary focus of endocrine disruptor studies in humans and other mammals (Iguchi, 2000; Parmigiani et al., 2000; Toppari and Skakkeboek, 2000) . However, differences in sex determination between birds and mammals (the heterogametic sex is male in mammals, female in birds) suggest the need for caution in predicting effects on avian reproductive development based on the work in mammals. Some authors have suggested that the effects in birds will simply be the opposite of those in mammals but the picture appears to be more complex than this (Ottinger et al., 2002) 3.1. Acidityyaluminum Acid rain has been associated with decreases in reproduction in wild birds. Reproductive success was depressed in pied¯ycatchers nesting near an acidi®ed lake (Nyholm and Myhrberg, 1977; Nyholm, 1981) . Acid precipitation increases the availability of aluminum. Thus, it is not clear whether the impaired reproduction in wild birds is due to acidity per se or to aluminum toxicity. The available evidence suggests that aluminum is the major problem. In both pied ycatchers and dippers, the eggs show aberrant shell formation (Nyholm, 1981; Ormerod et al., 1988) . Moreover, aluminum accumulates in the medullary bone (Nyholm, 1981) . Medullary bone formation is induced by estrogen and androgens and it represents a temporary store of calcium for shell formation in hens (reviewed Taylor and Dacke, 1983) . In the study of pied¯ycatchers near an acid lake, insects in close proximity had very high aluminum contents (Nyholm, 1982) . While it is possible that aluminum is affecting the synthesis andyor action of steroid hormones and, thereby, disrupting calcium deposition in eggs, there is no evidence for this. It is also plausible that aluminum is directly interfering with calcium deposition. Effects of acidity andyor aluminum on calcium and phosphorus metabolism are discussed in Section 7.1.
PCBs and other PHAHs
There is strong circumstantial evidence linking environmental pollution with PCBs and some other PHAHs (e.g. DDT and dioxin) to reproductive problems in birds (reviewed Fox, 1993; Barron et al., 1995; Fry, 1995; Grasman et al., 1998) . During the 1960s, there were many reproductive problems and marked declines in the populations of wild birds in regions of the Great Lakes with high concentrations of industrial chemicals and pesticides. This led to considerable ecotoxicological research in search of the agents causing these effects. Many of the chemical pollutants in this water system were persistent and lipophilic, so they accumulated in body lipids, were biomagni®ed up the food chain and were passed into the eggs of oviparous vertebrates.
Much of the concern about endocrine disrupting chemicals is because of the vulnerability of embryos to inappropriate sex steroid exposure during critical periods that control sex-speci®c reproductive development of both the reproductive system and reproductive behaviors (Fek and Giesy, 1998) . Laboratory studies provide evidence that inappropriate sex steroid exposure during embryonic life can alter reproductive physiology and behavior in birds (see, Ottinger et al., 2002) .
Ecotoxicological monitoring programs were developed that assessed the impacts of these putative causal agents in sentinel species, characteristically ®sh-eating birds (e.g., gulls, terns, cormorants, eagles) at the top of the food chain that were exposed to bioaccumulation of these persistent chemicals. These studies led to a large body of circumstantial evidence that the reproductive problems seen in Great Lakes bird populations were associated with the presence of high concentrations of PHAHs such as PCBs, DDT, TCDD and TCDFs. The reproductive problems exhibited were correlated with high pollutant loads in the food chain and deposition of these lipophilic chemicals in avian eggs in speci®c geographical regions. Reproductive problems reported include the following: (i) there is extremely high embryonic mortality; (ii) a variety of congenital malformations are observed; (iii) there is poor hatching success; (iv) skewed sex ratios have been reported; (v) incidents of supra-normal clutches have been observed (evidence of more than one female per nest); and (vi) there can be high rates of egg disappearance associated with behavioral alterations such as poor nest attentiveness by adults (reviewed Fox, 1993; Barron et al., 1995; Fek and Giesy, 1998; Heinz, 1998) . In some species (e.g. bald eagles) poor reproductive success was most closely associated with eggshell thinning and the degree of pollution with DDE, (reviewed Fek and Giesy, 1998) . There also are strong correlations between PHAH contamination and the incidence of a number of reproductive problems in some ®sh eating birds (e.g. common terns) in western Europe (Murk et al., 1996) .
The general improvement in reproduction of Great Lakes bird populations since the late 1970s, in conjunction with the reduction in many of these chemical contaminants (due to legislation banning their use) supports the idea of a causal relationship (Heinz, 1998) . What is less clear is whether these reproductive alterations were due to disruption of endocrine regulation of reproductive function, due to other types of non-endocrine toxic effects or due to both. For example, despite many attempts to ®nd the causal mechanism of DDE-induced eggshell thinning in birds, there is little evidence that alterations in reproductive hormones are the cause of the disturbances in calcium deposition that lead to fragility in these eggs. There is a recent theme in this research. This is the possibility that alterations in paracrine or autocrine hormonesyfactors (such as prostaglandins) caused by chemicals such as DDE, are responsible for the de®ciencies in shell gland function (for a review of the long range search for a mechanism for eggshell thinning (see Fek and Giesy, 1999) .
Although there are many examples of the chemicals above binding to steroid receptors in mammals and some lower vertebrates (see Table 4 -1 in Rooney and Crain, 2000 , for a comprehensive list), almost none of these investigations have been on binding to avian steroid receptors. An exception is the demonstration that in ovo bisphenol has been reported to disrupt reproductive development without demonstrating receptor binding; there being ovotestis formation and abnormal Mu Èllerian duct formation in Japanese quail and cheicken embryos (Berg et al., 2001 ). It appears to be common for many of these chemicals to act at the level of receptors in target tissues (toxicant level 6, Figure 1 ). There is little evidence directly linking PHAHs to effects on other parts of the HPG axis in birds although there are good examples for other oviparous vertebrates, ®sh and reptiles (see reviews in di Giulio and .
Pesticides (fungicides, herbicides and insecticides)
This section discusses diothiocarbamates (e.g. metam, thiram), formamidines (e.g. chlordimeform, amitraz), chlorotriazines (e.g. atrazine), some organochlorines (methoxychlor) and organophosphorus compounds. The diothiocarbamates, formamidines and chlorotriazines, are pesticides in contemporary use whose toxicology in mammals was recently reviewed .
Dithiocarbamates are fungicides and herbicides that inhibit reproduction in birds (Rasul and Howell, 1974; Weppelman et al., 1980; Serio et al., 1984) and mammals . Both egg production and ovarian weights were reduced when laying hens were fed diets containing thiocarbamates, e.g. thiram (Weppelman et al., 1980; Serio et al., 1984) . Moreover, there were marked reductions in both the content and rate of synthesis of norepinephrine in the brain with thiram treatment (Serio et al., 1984) . Norepinephrine plays a critical role in the release of GnRH-I from the median eminence in mammals and birds (e.g. Li et al., 1994; Millam et al., 1998) . In mammals, Cooper and colleagues suggested that dithiocarbamates suppress reproduction by inhibiting dopamine-b-hydroxylase, decreasing norepinephrine and, thereby, reducing release of GnRH and gonadotropins . It is speculated that thiocarbamates affect avian reproduction in a similar manner; reducing GnRH-I release ( Figure 1 , level 1 toxicant action) thereby decreasing LH and FSH release and ultimately suppressing gonad function.
Formamidines are insecticides and miticides that mimic the insect neurotransmitter, octopamine. These chemicals inhibit reproduction in mammals but by a somewhat different mechanism than the dithiocarbamates. Their effect is to antagonize norepinephrine (competitively inhibit its binding) at the level of the receptor and hence reduce GnRH, LH and FSH release (reviewed Cooper et al., 1999) . The chlortriazine (herbicide) atrazine in¯uences reproduction in rats. Treated rats exhibit persistent estrus, pseudopregnancy or anestus, depending on the dose and age at which they are treated (reviewed Cooper et al., 1999) . Moreover, there are effects of atrazine treatment on prolactin secretion and puberty in rats Stoker et al., 2000) . Atrazine also in¯uences reproductive development in amphibians stimulating aromatase activity (Hayes et al., 2002) . There is, surprisingly, little information on either the formamidines or chlortriazines on avian reproduction.
It is possible that methoxychlor, an organochlorine pesticide, may act on the HPG axis. This is supported by effects of embyonically administered methoxychlor and estradiol on behaviour in Japanese quail ; also see review by Ottinger et al., 2002) . There is also a recent report that embryonic exposure of male Japanese quail to very high concentrations of methoxychlor reduced sexual motivation (greatly increased latency to mount) at three months of age despite no obvious changes in reproductive variables such as testis weight (Eroschenko et al., 2002) . Feeding methoxychlor to adult chickens did not in¯uence egg production, egg fertility, or male fertility (Lillie et al., 1973) . Although these results suggest that methoxychlor acts on the HPG axis during development, speci®c endocrine measurements that address this possibility have not been made. Moreover, methoxychlor did not compete with 3H-estradiol for binding to a bacterially expressed glutathione-S-transferase ± chicken (a) estrogen receptor fusion protein (Matthews et al., 2000) .
Organophosphorus insecticides (e.g. parathion) have adverse effects on avian reproduction including decreased egg production, fertility and hatchability (Ross and Sherman, 1960; Shellenberger et al., 1966; Schom et al., 1979) . These effects are mediated, at least, in part, through, the anti-cholinergic effects of these insecticides. Feeding a diet containing parathion reduced egg production in bobwhite quail compared to both ad libitum and pair fed controls (Rattner et al., 1982a) . Follicular development was slowed, presumably as a consequence of the decreased plasma concentrations of LH in the parathion exposed birds (Rattner et al., 1982a; Rattner et al., 1986) . The available information is consistent with parathion exerting its negative effects on reproduction by the following mechanisms: (i) parathion acting directly to inhibit cholinesterase in the brain and, presumably, the hypothalamus ( Figure 1 , level 1 toxicant action); (ii) LH release is reduced by parathion presumably via decreased hypothalamic neurosecretion of GnRH-I ( Figure 1 , level 1 toxicant action); and (iii) there is, thus, impaired gonadal function due to an insuf®-ciency of gonadotropins (LH and FSH).
Mycotoxins
There is considerable information on the deleterious effects of one group of mycotoxins, the a¯atoxins, on reproduction in birds. In females, a¯atoxin-containing mixtures have been found to decrease egg production (chicken: Garlich et al., 1970; Japanese quail: Sawhney et al., 1973) and hatchability (e.g. Japanese quail: Sawhney et al., 1973) . Moreover, a¯atoxin decreased ovarian follicular development in young Japanese quail (Doerr and Ottinger, 1980) . Treatment of male chickens with a mixture containing a¯atoxin reduced a number of indices of reproductive function. Semen volume and the number of spermatozoa produced were decreased in a¯atoxin treated adult chickens (Sharlin et al., 1981) . These effects may be due to either a direct toxic effect of a¯atoxins on the testes or to reductions in the circulating concentrations of LH and FSH (Figure 1 , levels1, 2, 3 andyor 4 toxicant action). Testis weights (see Table 3 ) and testis weights as a percentage of body weight were decreased in a¯atoxin-exposed young growing chicks . This could be due to either a direct toxic effect of a¯atoxins on the testes or to reductions in the circulating concentrations of LH and FSH. It should be noted that, in contrast to growing chicks, there were no changes in relative testis weights between a¯atoxin-treated adult chickens and pair-fed controls. In young chicks, circulating concentrations of testosterone, but not those of DHT, were decreased with a¯atoxin exposure (see Table 3 ) compared to ad libitum fed controls . Circulating concentrations of testosterone were intermediate in pair-fed fed controls . Testosterone levels were also decreased in adult chickens exposed to a¯atoxin compared to both pair-fed and ad libitum fed controls (Sharlin et al., 1981) .
As in females, these effects in males may be caused by a direct toxic effect of a¯atoxins on the testes; by increasing clearance of testosterone andyor by reducing the circulating concentrations of LH (due to direct effects on the hypothalamus as well as to reductions in feed intake). A¯atoxin exposure reduced testicular responsiveness to LH resulting in a smaller increase in circulating concentrations of testosterone (DT) in response to the increased circulating concentrations of LH following GnRH administration. Moreover the DT response was considerably delayed . A¯atoxin exposure decreases endogenous LH secretion, thereby reducing circulating concentrations of LH in 6 week old chicks (see Table 3 ) . This may be due to effects of a¯atoxins on the anterior pituitary gland or, more likely, due to reduced hypothalamic release of GnRH-I. Administration of a¯atoxin to older chicks either tended to elevate or signi®cantly increased the circulating concentrations of LH . This is explicable by the reduction in negative feedback by testosterone. Therefore, a¯atoxins seem to exert their effects on reproduction at multiple levels ( Figure 1 ).
Petroleum
Reproduction is impaired in marine and estuarine birds exposed to oil spills (reviewed Fry, 1995) . Controlled laboratory studies, using domesticated ducks (mallards or Khaki Campbells) have demonstrated marked reductions in reproductive function. The rates of oviposition were markedly reduced in females (Tables 4 and 5 ). The observed decreases in the proportion of fertile eggs suggest reduced male fertility (Tables 4 and 5 ). Hatchability of eggs was also decreased (Table 4) , perhaps due to reduced shell thickness (Harvey et al., 1981; 1982) .
Petroleum exposure has also been observed to alter the pattern of reproductive hormones in ducks. There were reduced circulating concentrations of progesterone. This is perhaps due to the reported decrease in circulating levels of LH (Harvey et al., 1982) during the prolonged pauses between ovipositionyovulation in oil-ingesting (but not in control) ducks (Tables 4 and 5 ) (Cavanaugh and Holmes, 1982) . Circulating concentrations of estradiol were decreased leading to atrophy of the oviduct (Tables  4 and 5 ) (Cavanaugh and Holmes, 1982) (potentially effects at levels 1, 4, 5 andyor 6 for toxicant action, Figure 1 ). In addition, the alterations in progesterone may reduce secondary sexual organ (e.g. oviduct) responsiveness to estrogens. Decreases in estradiol also may lead to reduced sensitivity of the hypothalamus to positive feedback from progesterone and hence, more pauses between ovulations (Tables 4  and 5 ). Clarke et al., 1987. b Statistical analysis from cited study±different from controls P50.05. Data presented here were converted to a percentage of controls for simplicity.
EFFECTS OF TOXICANTS ON GROWTH AND GROWTH-RELATED HORMONES
It is extremely likely that toxicants reduce the overall health of an animal and prevent the attainment of the maximum potential growth rate. In many, but not all cases, toxicants do reduce the overall growth rate or the growth of speci®c body parts of birds. The declines in growth rate may be direct effects (local endocrine or non-endocrine) on growing tissues. Alternatively, they may result from interference with the HPGH axis ( Figure 2 , Table 2 ) (see McNabb et al., 1998; Scanes, 1999 for reviews of this axis). Other possibilities are effects via the HPT or HPA axes (Sections 5 and 6 below). It also is possible that toxicants reduce growth by depressing food intake. This may be due to one or more of the following: (i) reducing the palatability of the food; (ii) inducing a general malaiseyinactivity with reduced appetite; (iii) speci®cally decreasing appetite via central control mechanisms; or (iv) decreasing the rate of metabolism which in turn reduces appetite.
Acidityyaluminum
Acid precipitation has been associated with decreases in growth in wild birds, for instance, in kingbirds (Glooschenko et al., 1986) and goldeneye ducks (Eriksson et al., 1989) . These effects may be direct or via the large increases in aluminum availabilityysolubility. Declines in black duck populations may be due to the toxic effects of``acid rain'' although other effects such as habitat loss or reduced fecundity due to hybridization with other species of ducks also are contributing factors (Sparling, 1990; . Black ducklings raised on acidi®ed arti®cial wetlands showed marked reductions in growth rate despite elevated circulating concentrations of GH (Rattner et al., 1987) . The elevated circulating concentrations of GH may re¯ect reduced negative feedback from IGF-I or T 3 (Figure 2) . In ®eld studies, it is not clear whether the reductions in growth rate are due to direct acidityyaluminum effects or whether they re¯ect reductions in food availability and hence food consumption.
Laboratory studies indicate that both acidity and aluminum can cause decreased growth rate in birds. Acidi®cation of chicken diets reduces growth rate in broiler chickens (Pritzil and Kienholz, 1973; Capdevielle and Scanes, 1995a ) (see Table 6 ). Similarly aluminum ingestion decreased growth in broiler chicks (Storer and Nelson, 1968; Wisser et al., 1990; Capdevielle and Scanes, 1995a) and mallard ducks (Capdevielle and Scanes, 1995b) . Surprisingly, the effects on HPGH axis hormones in these studies were minor or non-existent. This hormonal pattern is in marked contrast to other treatments that stunt growth; for example, chicks with stunted growth from severe protein restriction or disease have very low circulating concentrations of IGF-I (protein restriction, Lauterio Holmes et al., 1978; Cavanaugh and Holmes, 1982; Holmes and Cavanaugh, 1990 . Harvey et al., 1981a Harvey et al., , 1982 . Data are presented as a percentage of that in the control AE SEM.
Toxicant A Hypothalamus
TRH, GHRH, SRIH
Fig. 2. Possible sites of action of toxicants on the hypothalamo ± pituitary ± growth hormone (GH)-insulin-like growth factor-I (IGF-I) axis. TRH ± thyrotropin releasing hormone; GHRH ± GH releasing hormone; SRIH somatostatin. Difference between broiler chicks and mallard ducks *P50.05; **P50.01. Data are shown as the percentage of the mean for birds receiving the control diet ad libitum. AE SEM) in chickens (n 11) and mallard ducks (n 8) (based on Capdevielle and Scanes, 1995a,b; Capdevielle et al., 1998) . and Scanes, 1987; Leili and Scanes, 1998; disease, Davis et al., 1995) .
Chemicals that mimic or block gonadal steroids
It is intriguing to ask whether chemicals that mimic or block gonadal steroids may in¯uence growth of birds by acting via either the estrogen or androgen receptors. Androgens andyor estrogens profoundly affect growth in many mammalian species. The growth promoting effects of androgens are responsible, at least partially, for the sexual dimorphism in growth rate and mature body size. Not only do anabolic androgens stimulate growth, particularly of muscle, but estrogens also stimulate growth in some species (e.g. cattle and sheep; reviewed Scanes, 1999) . Indeed a mycoestrogen, zearalolone is used in the cattle industry to enhance growth rate (reviewed in Scanes, 1999) . Discussion of the effects of chemicals that mimic or block gonadal steroids on birds is problematic. There is virtually no information on the possible effects of estrogens or androgens on growth in wild birds. Moreover, there is no consistent response of different species of domesticated birds to sex steroids; androgens being stimulatory in turkeys but inhibitory in chickens (reviewed in Scanes, 1999) . The available evidence suggests that estrogens suppress growth in chickens (reviewed in Scanes, 1999) but may stimulate growth in the domestic turkey as aromatizable androgens enhance growth rate (Fennell and Scanes, 1992) . There is little evidence that estrogenic or androgenic environmental chemicals affect avian growth via steroid hormone receptors.
Polychlorinated Biphenyls (PCBs) and Dioxin
Embryonic and post-hatch exposure to PCBs decreased growth of birds in most laboratory studies (summarized in Table 7 ). In general, exposure to any of the congeners studied (PCB 126, 77, or 105) or to Aroclors resulted in decreased growth rate in chicken embryos or posthatch chicks (Powell et al., 1996; Hoffman et al., 1998) . American kestrels and common terns also showed depressed hatch weight following PCB 126 injection into eggs at day 4 of incubation but both species were much less sensitive than chickens (Hoffman et al., 1998) . Post-hatch growth (between Aroclor 1242 or 1254: 1, 10, 100 mgyegg (0.067 ± 6.7 ppm in yolk)
Aroclor 1242; signi®cant B in body wt. at two lowest doses; Signi®cant C in body wt. at highest dose; same pattern of changes in femur length.
Gould et al., 1997
Aroclor 1254; trend to C body wt. at two lowest doses; Signi®cant C in body wt. at highest dose. Femur length, trend to B at two lowest doses, signi®cant C at highest dose. PCB 77: 3, 30 or 300 ngyegg (0.0002 ± 0.02 ppm in yolk)
PCB 77: Signi®cant C in body wt. and femur length at highest dose
Chicken embryos, 21d
Aroclor 1242 or 1254: 1, 10, 100 mgyegg (0.067 ± 6.7 ppm in yolk)
No effect of Aroclors on body wt.; femur length signi®cant C at highest dose of both Aroclors. day 1 to 5 weeks old) of chickens was depressed by Aroclor 1248 added to the feed at 50 ppm or higher (Reh®eld et al., 1971) . The effects of PCBs on growth and endocrine function have been examined in chicken embryos. Aroclor 1254 (6.67 ppm in egg yolk) injected into eggs on day 0 of incubation, decreased growth of embryos at day 17 of incubation (Gould et al., 1997) but had no effect on body growth in an identical study when embryos were sampled at day 21 (Gould et al., 1999) . In the same studies, Aroclor 1242 at 6.67 ppm in egg yolk caused a trend to decreased body growth in the ®rst study and had no effect in the second. PCB 77 (one of the dioxin like coplanar PCBs) at 0.02 ppm injected into egg yolk on day 0 of incubation resulted in decreased embryonic body growth compared to controls at both 17 days and 21 days of incubation (Gould et al., 1997; . In these studies, femur growth was decreased by these doses of both Aroclors and PCB 77 at both 17 and 21 days of incubation. This could be interpreted as femur growth being a more sensitive indicator of growth than is body mass andyor it could re¯ect a more speci®c growth effect of PCBs on skeletal tissues. Two other PCB congeners, PCB 80 and PCB 54 also were used in these studies and did not depress body or femur growth at either day 17 or 21 of incubationyembryonic age.
Gould and colleagues (1997) measured pituitary GH content, plasma IGF-I and thyroid hormones to address whether the growth-depressing effects of PCBs result from effects on the HPGH or HPT axes. They found no evidence of altered pituitary GH content or plasma IGF-I associated with the decreases in growth in 17 day embryos with Aroclor 1242 or 1254 at 6.67 ppm or PCB 77 at 0.02 ppm in egg yolk. These studies did not address possible interactions of the PCBs with the paracrineylocal release of IGF-I. However, they found strong associations between decreases in plasma T4 and reductions in growth, suggesting these growth effects of PCBs are secondary results of decreases in thyroid function (see Section 5.3). At present, it would appear that there is insuf®-cient evidence to make a statement on the possible level (Figure 1 ) at which PCBs exert their effects on growth. Dioxins are similarly very persistent environmental contaminants. There is strong evidence that dioxin reduces growth rate in birds (Hart et al., 1991) . Effects of dioxin on avian growth will not be considered in detail.
Mycotoxins
Based on studies in poultry, mycotoxins have profound deleterious effects on growth in birds. Addition of a¯atoxin to feed reduced growth and feed consumption in chickens (e.g. Huff et al., 1986; and turkey (Weibking et al., 1994) . Although there have been no direct comparisons between the response of chickens and turkeys to a¯atoxin, the magnitude of the effects appears much greater in the former Weibking et al., 1994) . Similarly, chicken growth was reduced by addition of a Fusarium moniliforme culture containing known levels of fumonisin B1 to the diet. However, this exposure to fumonisin B also resulted in decrease in feed consumption so it is not clear how much of the growth depression was due to fumonisins (Weibking et al., 1993) . In turkey poults, there was a tendency for growth to be depressed by addition of a culture of Fusarium moniliforme culture containing known levels of fumonisin B1 to the diet. In this species there was no effect on feed intake and this was re¯ected in an increase in the feed:gain ratio (Weibking et al., 1994) . Again, chickens were more sensitive to the toxicants. Other mycotoxins [Deoxynivalenol (vomitotoxin) and T-2] produced by Fusarium also inhibit growth in birds. Deoxynivalenol inhibits growth in chickens but with no change in feed intake (as calculated) and a deleterious increase in feed to gain ratio (Huff et al., 1986) . In chickens receiving T-2 in their feed, there were proportionate decreases in growth rate and feed intake (the latter as calculated from the feed to gain ratio and D body weight) (Kubena et al., 1988; 1989) . Another mycotoxin, ochratoxin also has been reported to inhibit growth in chickens (Kubena et al., 1989) . As increases in feed to gain ratio (Kubena et al., 1989) were reported, the depression in feed consumption (as calculated) was not proportionate to the decrease in growth, being in fact less than the reduction in growth.
No information is available on the effects of a¯a-toxins and other mycotoxins on the HPGH axis in birds. There is insuf®cient evidence to make a statement on the possible level (Figure 1 ) at which mycotoxins exert their effects on growth except that reduced feed intake may be involved in at least some species.
Plant biotechnology (e.g. cropsygrain with insect control agents introduced)
In the last decade, with the advent of biotechnology particularly plant transformation (ability to produce transgenic plants), there have been major changes in the seeds available to farmers. Genetically modi®ed crops (GMOs) represent $ 307 of corn and 4507 of soybean acreage in the United States of America. At present, transgenic corn predominantly contains transgenes for a toxin for leptidopterans from Bacillus thuringiensis (Bt) but also may contain transgenes related to herbicide resistance. Transgenic soybeans contain transgenes related to herbicide resistance. It is essential to ensure that products of foodyagricultural biotechnology are safe to consumers and in the environment. Birds are primary consumers of GMO crops as poultry feed consists of a very high proportion of corn and soymeal. Moreover, wild birds are both primary and secondary consumers of GMO crops; the latter includes consumption of insects (either non-target organisms or those receiving sub-lethal doses) feeding on the GMO crops. The impact of GMO crops on the environment should include the following: comparison should be made of the agronomic system (GMO crop together with herbicideypesticide regimen) compared to another system (including requisite herbicideypesticide regimen).
No adverse effects on growth rate have been observed in studies feeding broiler chicks Bt corn (Brake and Vlachos, 1998) . This study found some bene®cial effects, speci®cally an improved feed-togain ratio in chickens (Brake and Vlachos, 1998) . Bt corn has reduced contamination by mycotoxins (fumonisin) (Munkvold et al., 1999) . Therefore, chickens and related species are good models for testing potential effects of transgenic crops on humans and wild birds because poultry diet commonly consist of corn and soybeans, two of the crops in which transgenes have been introduced.
EFFECTS OF TOXICANTS ON DEVELOPMENT AND THYROID HORMONES
Thyroid hormones exert profound effects on avian development (both differentiation and growth), metabolism and the ontogeny of thermoregulation (reviewed by McNabb, 2000) . In addition, thyroid hormones are required for normal reproduction and play a role in seasonal events such as molting. The predominant thyroid hormone produced is T 4 although it is generally presumed that T 3 is responsible for most thyroid effects (Table 2 ). This is primarily because thyroid receptors bind T 3 with higher af®nity than T 4 . Thyroid function is regulated by the HPT axis ( Figure 3, Table 2 ).
Acidityyaluminum
There is relatively little information on the in¯uence of aluminum andyor acidity on thyroid function in birds. However, one study of Black ducklings raised on acidi®ed arti®cial wetlands showed marked reductions in growth rate with a marked trend for a concomitant reduction in circulating concentrations of T 3 (Ratttner, et al., 1987) . Unfortunately, circulating concentrations of T 4 were not reported. The decrease in circulating concentrations of T 3 may be attributable to reduced peripheral monodeiodination of T 4 either due to less T4 available or to decreased 5 H deiodinase (level 5, Figure 3 , see also Figure 4 ).
Polychlorinated biphenyls (PCBs)
Because some PCBs cause profound hypothyroidism in laboratory rats and most other mammals that have been investigated (review, Brouwer et al., 1998) , similar effects might be expected in birds. An important mechanism causing these PCB effects is induction of hepatic Phase II biotransformation enzymes, speci®cally increased activity of uridine diphosphate glucuronosyltransferase (UDP-GT) which glucuronidates T 4 and, thereby, facilitates its excretion in bile (Bastomsky, 1977; Barter and Klaassen, 1992; . In addition, some PCBs (especially their hydoxylated forms) competitively inhibit T 4 binding to transthyretin in mammals (McKinney et al., 1985; Brouwer and Van den Berg, 1986; Darnerud et al., 1996) . This appears to increase the circulating, unbound T 4 resulting in enhanced T 4 excretion and decreases in circulating total T 4 . Transthyretin is the main thyroid hormone-binding protein in birds and so it seems likely that this displacement of thyroid hormone binding may be another cause of increased hormone loss in birds exposed to environmental PCBs.
In laboratory mammals exposed to PCBs, the observed increased T 4 excretion often exceeds the capability of the HPT axis to respond. This resulted in marked decreases in circulating T 4 and associated decreases in hepatic 5 H deiodination activity (5 H DI) resulting in decreased T 3 supply (Morse et al., 1993; . It is not clear whether the decreases in 5 H DI resulted from decreased circulating T 4 (Leonard and Visser, 1986) andyor whether they were due to speci®c binding of PCBs to the deiodinase as suggested by the studies of Rickenbacher et al. (1989) . The increased brain 5 H -deiodination (5 H DII) of T 4 to T 3 in rats exposed to PCBs were presumably a response that is`p rotective'' of T 3 availability in the central nervous system (Raasmaja et al., 1996) . The reported increases in TSH and thyroid hypertrophy (Barter and Klaassen, 1994) in PCB-exposed rats appears to result from reduced feedback due to decreased circulating concentrations of thyroid hormones. There is little if any evidence that PCBs directly affect the organs of the HPT axis, although this possibility has not been ruled out. Some authors have presented indirect evidence consistent with the idea that PCBs may directly affect some aspects of thyroid gland function in rats (Byrne et al., 1987) .
Unlike the consistent picture of hypothyroidism in rats and other PCB-exposed mammals, studies on birds have reported divergent or no effects from PCB exposure (see sections below). Some reviews have emphasized the examples of PCB-associated signs of hypothyroidism in ®sh-eating birds (e.g. Brouwer et al., 1998) while others have concluded that there is no evidence that PCBs disrupt thyroid function in birds (e.g. Dawson, 2000) . Effects of PCBs on ®eld-collected birds and in laboratory studies are summarized in Table 8 .
Field studies of thyroid function in PCB-exposed birds
Populations of some wild birds, such as herring gulls have been monitored for 430 years in the Great Lakes and are considered a good indicator species for 34
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regional organochlorine contamination (Struger et al., 1985 and see discussion in Section 8). Although these birds have been exposed to a variety of PHAHs, PCBs represent a major component of the contaminant mixture at polluted sites in the Great Lakes ecosystem. The PCBs are thought to be important in the thyroid effects seen in these birds (see the next section for laboratory studies of PCBs in birds). Herring gulls and common terns exposed to high PCBs in the Great Lakes in the 1970s and 1980s had developmental abnormalities, together with thyroid pathology and hypertrophy suggestive of HPT axis activation (review, Fox, 1993) . The thyroid gland hypertrophy observed in these studies has been assumed to be indicative of hypothyroidism in these birds. This is because low circulating concentrations of thyroid hormones reduce the negative feedback effect on the pituitary. This causes an increase in TSH release and consequently thyroid gland growth. Decreased thyroid function during ontogeny can have detrimental effects on avian development (reviewed, McNabb and King, 1993) . Despite altered thyroid histology in association with high PCB pollution in the Great Lakes in the 1970s and 1980s (Moccia et al., 1986) , assessments of thyroid function were not made at that time. The ®rst report of plasma T 4 measurements in birds from the Great Lakes was for herring gull chicks collected in the early to mid 1990s. This study found no differences in plasma T 4 , in either species, between high and low PCB sites (Grasman et al., 1996) . However, recent studies of pipped embryos and pre-¯edgling herring gulls collected in 1998 ± 2000 showed evidence of hypothyroidism. There was marked depletion of thyroid gland hormone content at high PCB sites compared to the reference site in all three years of sampling (McNabb et al., 2001a,b) . There was less evidence of organismal hypothyroidism (based on plasma thyroid hormone concentrations) at high PCB sites in pipped embryos than in pre¯edglings. Pre¯edglings from high PCB sites were more likely to show evidence of HPT axis activation than were embryos (McNabb et al., 2001a,b; McNabb and Fox, in review) . These studies, which measured several thyroid variables reveal the dynamic regulation of thyroid function and show the birds are mounting adaptive responses to the contaminants. This may be particularly important in studying thyroid function because of the unique capacity of the thyroid gland to store large amounts of hormone, thereby``buffering'' the short-term effects of external in¯uences on physiological functions controlled by thyroid hormones.
As in the Great Lakes, some studies indicate bird populations from PCB-contaminated sites in Western Europe have depressed thyroid function compared to populations from reference sites (Table 8) . For example, hatchling cormorants at a high PCB site in the Netherlands were found to have decreased circulating thyroid hormones: free T 4 (FT 4 ), total T 4 (TT 4 ) and total T 3 (TT 3 ) compared to a low PCB site. Gould et al., 1999; McNabb, 2000) showing possible sites for toxicant action. Ar 1242: signi®cant B in plasma T 4 at 0.067 and 0.67 ppm in yolk; trend to C plasma T 4 only at 6.7 ppm dose; no effect on T 3 at any dose.
Gould et al., 1997
Ar 1254: no effect on either plasma T 4 or T 3 PCB 77: signi®cant B in plasma T 4 at 0.0002 ppm; trend to increased T 4 at other doses, no effects on plasma T 3
Chicken embryos, 21d PCB 77: 3, 30 or 300 ngyegg (0.0002 ± 0.02 ppm in yolk) Trends to C plasma T 4 and T 3 at highest dose but no signi®cant differences from controls Gould et al., 1999 Berg et al., 1994) . In contrast, in common terns, collected from eight breeding colonies (in the Netherlands and Belgium) with a 6.4 fold range of yolk sac PCBs, there were no differences in plasma TT 4 , TT 3 or FT 4 between colonies (Murk et al., 1994a) . In this study, yolk sac PHAH concentrations were positively correlated with EROD induction and plasma TT 4 concentrations. This positive correlation of plasma TT 4 with EROD is in the opposite direction to that expected because hepatic UDP-GT activity was correlated with EROD in the same study. Studies in mammals show increased UDP-GT enhances T 4 excretion (Barter and Klaassen, 1992; . The expected inverse relationship between plasma thyroid hormones (both TT 4 and TT 3 ) and PCB dose did occur when 28 day eider ducklings were exposed to PCB 77 for 10 days (Murk et al., 1994b) . There was no relationship between circulating thyroid hormones and PCB exposure when the PCB mixture, Clofen A50, was administered to eider ducks (Murk et al., 1994b) . As in the ®eld studies, laboratory studies of birds exposed to PCBs show a variety of different results (see Table 9 ).
Laboratory studies of thyroid function with PCBexposure
Most of laboratory studies of the effects of PCBs on avian thyroid functioning have used chickens as models and have administered either commercial PCB mixtures such as Aroclors or coplanarydioxinlike congeners. Of the coplanar PCBs, PCB 126 has received the most attention because it is the most toxic of the PCB congeners and because some studies have suggested it accounts for most of the toxicity of environmental PCB mixtures in certain regions of the Great Lakes (Yamashita et al., 1993) . There has been little work on the potential of the non-coplanar, less toxic congeners to affect thyroid function, although these forms often comprise a large proportion of the total environmental PCBs. For example, in sites in the Netherlands, PCBs have been reported to account for 4907 of the toxic equivalency quotient (TEQ) values, with PCB 153 (a di-ortho congener) being quantitatively greatest and PCB 118 being the most abundant mono-ortho congener (Bosveld et al., 1995) . These mono-and di-ortho PCBs may be important stimulators of hepatic Phase II biotransformation enzymes such as UDP-GT. The information available about the effects of PCBs is complicated not only by the different PCBs administered experimentally, but also by the use of different avian species with different sensitivities to these compounds, by the nature of the toxicant dosing and by the developmental stage(s) of the experimental animals. Studies in chicken embryos, Eider ducklings and in adult birds (Japanese quail, ring doves and mallard ducks) have assessed organismal thyroid function in birds as indicated by circulating concentrations of thyroid hormones. Some studies provide support for the view that some PCBs decrease thyroid function (part Table 9a ). However, an approximately equal number of studies, in almost all the same species, have obtained evidence that either contradicts or fails to support the hypothesis that PCBs disrupt thyroid function (Table 9b ). In some cases the contradictory and supportive evidence are from the same study and it is not clear why some PCB treatments have measurable effects and others do not. This very mixed picture of the effects of PCBs on avian thyroid function is markedly different than that from laboratory studies of PCB effects on rats. It is not clear why similar experimental PCB exposures frequently have less effect on birds than on rats. Some of the most clear-cut examples of thyroid effects in birds have been on chicken embryos exposed to either Aroclor mixtures. For instance, the study of Gould and her colleagues (1999) in which treatment of chicken eggs with Aroclor 1242 or 1254 decreased plasma T 4 and T 3 together with hepatic 5
H DI activity at day 21 of incubation. However, the same doses and experimental protocol had different effects when the embryos were sampled at day 17 of incubation (see Table 7 ). Evidence supportive of depressed thyroid function in PCB exposed birds has been provided for eider ducklings and ring doves (PCB 77) and in adult Japanese quail (Alcolar 1260, a mixture) and adult mallard ducks (Aroclor 1254) (Table 9a ). In contrast, a variety of studies have either not supported PCBs decreasing thyroid function or have been suggestive of some stimulatory effects (Table 9b) .
In cases where PCBs appear to cause decreased thyroid function in both birds and mammals, the alterations in thyroid gland size and deiodinase activity were consistent with the expected responses of the HPT axis or the enzyme systems (circulating thyroid hormones) (Leonard and Visser, 1986) . The primary effects seem to be at level 5 of the HPT axis ( Figure 1 , Table 2 ). Thus, these effects were the same as if thyroid hormones were reduced as a result of goitrogen treatment. This argues that PCBs are unlikely to be acting directly at higher levels of the HPT axis, i.e. the hypothalamus or the pituitary.
Petroleum
Feeding ducks diets containing petroleum oil reduced feed intake (Harvey et al., 1982) . Changes in food intake and food composition altered the circulating concentrations of T 4 and T 3 in birds. Feed restriction and diets with low protein content both have been observed to decrease circulating concentrations of T 3 in birds (starvation: chickens: May, 1978; ducks: Harvey et al., 1981b; protein de®ciency: Lauterio and Scanes, 1987a; . However, these dietary changes have opposite effects on T 4 ; starvation increased circulating T 4 (chickens, May, 1978 ) but a protein de®cient diet decreased circulating (chicks: Lauterio and Scanes, 1987a; . It is, therefore, surprising that ducks ingesting petroleum oil showed no change in the circulating concentrations of T 3 and only a modest increase in the circulating concentrations of T 4 (Harvey et al., 1981a (Harvey et al., , 1982  Table 5 ). A possible explanation of these results is that the petroleum exerts effects on the HPT axis by reducing the sensitivity of the axis to the adverse effects of reduced feed intake. This may be acting at the levels of the hypothalamic release of TRH andyor appetite centers and probably also peripheral 5 H deiodination).
Plant goitrogens
Glucosinolates (sulfur-containing glucosides) and some of their metabolic products (e.g. thiocyanates) interfere with thyroid function by inhibiting iodide transport, iodination processes in the thyroid and perhaps some other components of thyroid function (Green, 1996) . The plants that contain large amounts of these compounds are members of the brassica family, e.g. cabbage, broccoli, turnips and canolayrapeseed. In addition, these compounds, which include toxic substances like cyanide, have effects on liver, kidney and the reproductive system (Mawson et al., 1994a,b) . Thus, it is dif®cult to evaluate which effects are direct effects on thyroid gland function and which are indirect consequences of other metabolic actions of glucosinolates. A further complication is the apparent bene®cial effects of glucosinolates, e.g. anticarcinogenic actions (Heaney and Fenwick, 1995) . Glucosinolates in plant materials in animal diets can disrupt endocrine function. For example, Canola (rapeseed) meal in the diet caused thyroid hypertrophy and decreased body weight in broiler chicks (Thomas et al., 1983) . Similarly, crambe meal added to broiler feed adversely affected feed intake and weight gain (Kloss et al., 1994) . When canola and crambe meals were used, extraction and heat treatments may be used to remove a large proportion of their glucosinolate content, before their addition to animal feed. Moreover, plant breeding has reduced the goitrogens in canolayrapeseed. Extraction reduces, but does not eliminate, the goitrogenic effects of these meals (Barrett et al., 1998) . Interactions between goitrogenic plant chemicals and iodine de®ciency are thought to be important in the incidence of goiter in people in some geographic locations (review, Gaitan, 1989) . A similar interaction is likely to occur in wild birds but does not seem to have been investigated.
Iso¯avones, which are present in many plant products, also may inhibit thyroid function. Speci®cally genistein, the primary iso¯avone in soybeans, inhibits thyroid peroxidase which is involved in thyroid hormone synthesis (Divi and Doerge, 1996) . Thus, it seems likely that some iso¯a-vones as well as glucosinolates may inhibit thyroid function if they are present in the diet of birds (effects at level 4 and perhaps level 5, Figure 3 ).
EFFECTS OF TOXICANTS ON STRESS RESPONSES AND ADRENAL STEROID HORMONES
Hans Selye (1950) established the``classical'' relationship between stress and the HPA axis. A major role for glucocorticoid hormones is as the``stress hormones''. Cortisol is the predominant glucocorticoid in most mammals. On the other hand, the major glucocorticoid in birds, post hatching, is corticosterone. On the basis of the link between glucocorticoids and stress, it seems reasonable to suggest that exposure of post-hatching birds to toxicants should increase corticosterone secretion. Thus, circulating concentrations of corticosterone could be a useful index of environmental contamination. As will be seen in the examples below (Sections 6.1. ± 6.3.), the contention that toxicants activate the HPA axis and increase circulating concentrations of corticos-terone is not necessarily the case. Moreover, changes in circulating concentrations of corticosterone could be secondary to several physiological processes. The toxicant may reduce feed intake and hence increase circulating concentrations of corticosterone. A toxicant may induce biotransformation enzymes that metabolize the toxicant and, coincidentally, alter the metabolism of corticosterone.
Acidityyaluminum
Corticosterone
As indicated earlier, acid rain increases aluminum mobilization in the environment. Young chicks, receiving aluminum sulfate in their diets, had increased plasma concentrations of corticosterone, as did chicks receiving equimolar concentrations of sulfuric acid or sodium sulfate in their diet (Capdevielle et al., 1996) . However, these treatments also reduced food intake. Pair-feeding studies showed that the plasma concentrations of corticosterone did not differ between chicks receiving aluminum sulfate or sulfuric acid and the respective pair-fed controls. Thus the reported increases in circulating corticosterone with acid or aluminum exposure appear to be due to the effects of these toxicants on food intake, not direct effects of the toxicants themselves (Capdevielle et al., 1996) . In view of the role of glucocorticoid hormones as stress hormones, it is perhaps surprising that secretion of corticosterone was not in¯uenced directly by either aluminum sulfate or sulfuric acid. Aluminumyacidity exerts effects on the HPA axis via reduced feed intake (level 2, Figure 5 ).
Aldosterone
Aldosterone is not usually considered as a stress related hormone. Rather, this adrenal corticosteroid is related to salt, pH and water homeostasis and is controlled predominantly by the renin-angiotensin system with some component from the HPA axis. Toxicants may interact either directly on the adrenal cortical cells or indirectly via either the renin-angiotensin system or the HPA axis in¯uencing aldosterone secretion. In contrast to the situation with corticosterone, aldosterone secretion was increased in young broiler chicks receiving acidi®ed diets. Treatment with either sulfuric acid or aluminum sulfate (markedly decreases dietary pH) increased the circulating concentration of aldosterone (Capdevielle et al., 1996) . Pairfed controls did not show increased plasma concentra-40 C. G. Scanes and F. M. A. McNabb Toxicant A Hypothalamus 23 CRH ± corticotropin releasing hormone; ACTH ± adrenocorticotropic hormone; B ± corticosterone.
tions of aldosterone. Thus, it is speculated that these changes in aldosterone secretion are not mediated via the HPA axis but through the renin-angiotensin system.
Pesticides (insecticides)
Organophosphorus insecticides (e.g. parathion) have been widely employed in agriculture. These are anticholinergic and have short half-lives but still can adversely affect wildlife (reviewed Rattner et al., 1982a) . Feeding bobwhite quail a diet containing parathion had no discernible effect on circulating concentrations of corticosterone (Rattner et al., 1982a) . However, parathion treatment in combination with cold exposure resulted in increases in circulating corticosterone concentrations in bobwhite quail compared to the respective controls, untreated quail exposed to cold (Rattner et al., 1982b) . There is little indication on the possible level at which organophosphorus insecticides exert their effects on the HPA axis except the possibility of a hypothalamic ± level 1 for toxicant action in view of the changes in neurotransmitter concentrations (Rattner et al., 1982a,b) ( Figure 5 ).
Polychlorinated biphenyls (PCBs)
While there is evidence for PCBs in¯uencing the HPA axis in mammals, little attention has been placed on effects of PCBs in the axis in birds. The only exception to this, as far as we are aware, is a single report on the effect of Aroclor 1256 on the adrenal of barn owls (Goldman and Yawetz, 1991) . Synthesis of corticosterone appeared to be reduced by PCB treatment based on the reported reduction in conversion of progesterone to corticosterone precursors in vitro by adrenal microsomes from Aroclor 1256 treated barn owls. Thus, PCBs may act at level 4 for toxicant action ( Figure 5 ).
Petroleum
Exposure of birds to petroleum has deleterious effects that might be expected to elicit a stress response and increased circulating corticosterone concentrations. However, circulating concentrations of corticosterone were depressed in birds ingesting petroleum (Table 5 ) (Harvey et al., 1981a; Rattner and Eastin, 1981; Gorsline and Holmes, 1982) . This is particularly surprising because feed consumption was decreased in ducks ingesting petroleum and reductions in food intake typically result in increased circulating concentrations of corticosterone (e.g. Harvey and Klandorf, 1983) . The basis for the low circulating concentrations of the corticosterone was low secretion and not increased clearance (Gorsline and Holmes, 1982) . The reduction in the secretion rate for B was observed both in vivo and in vitro (Gorsline and Holmes, 1982) . Thus, it appears that petroleum directly interferes with corticosterone synthesis by the adrenal cortex (level 4 for toxicant action; Figure 5) . It is not possible to preclude additional effects on the HPA axis.
EFFECTS OF TOXICANTS ON CALCIUMyPHOSPHORUS METABOLISM
Toxicants can affect calciumyphosphorus metabolism. Effects of acidity and aluminum on calciumyphosphorus metabolism are discussed below and the topic of effects of DDT on egg shell thinning is introduced.
Acidityyaluminum
Aluminum andyor acidity have major effects on calcium and phosphorus metabolism. Treatment of growing birds with aluminum sulfate containing diets resulted in large decreases in bone weight, ash and calcium and phosphorus contents. These effects were marked in broiler chicks but of a lower magnitude in mallard ducklings. Plasma concentrations of phosphorus were also reduced possibly due to aluminum interfering with phosphorus absorption (Capdevielle et al., 1998;  Table 6 ).
Feeding diets acidi®ed with sulfuric acid similarly resulted in reduced bone weight, ash and calcium and phosphorus contents in broiler chicks but not in mallard. Moreover, plasma concentrations of 1,25 dihydroxy vitamin D3, which is important in calcium uptake from the gut, were lower in broiler chicks fed acidi®ed diets than in pair-fed controls (Capdevielle et al., 1998;  Table 6 ).
DDT and eggshell thinning
The effects of DDT and its metabolite DDE on eggshell thinning appear to be due to effects on shell gland deposition of calcium. This topic is addressed in Section 3 in the context of contaminant effects on reproduction.
PART B ± THE USE OFAVIAN MODELS 8. DEVELOPMENTAL MODELS
Avian embryos have a number of advantages for the study of effects of toxicants on development. Some of the reasons for this include the following: . in ovo development without ontogenic biochemical in¯uences by the mother, as would be the case for mammals that develop in utero; . ease of experimental manipulations of the embryo in ovo; . many fewer regulations for experimentation than is the case for studies with mammals. Indeed, the chick embryo is not included in the legislation for laboratory animals in the United States of America).
Use of chicken embryos
The chick embryo is the most investigated embryonic model of vertebrate development and there is a wealth of background information available on its anatomical, physiological, biochemical and endocrine development. The chicken embryo also has been used extensively as a model for toxicant effects, including teratogenic effects, during development. The monograph by Romanoff (with Romanoff, 1972) entitled`P athogenesis of the avian embryo: An analysis of the causes of the malformations and prenatal death'' remains a seminal work in this ®eld. The chick embryo is a very useful model system for toxicological evaluation pertaining to all avian embryos. In addition, the cost of using chick embryos is low, there are well studied and easily available genetic sourcesybreeds, chick embryos are easy incubate and they are hardy, facilitating handling and manipulation. Embryos Japanese quail offer a ready alternate model (see review by Ottinger et al., 2002) . This has been employed to examine estrogenic activity, initially of diethylstilbesterol and ethynylestradiol, with abnormalities of reproductive organ development (e.g. persistent Mu Èllerian ducts and ovarian-like tissue in males) (Berg et al., 1999) .
Precocial and altricial models
Within the two homeothermic classes of vertebrates, birds and mammals, there are two general patterns of development: altricial and precocial. Altricial young are hatchedyborn at an earlier, less advanced developmental stage than is the case for precocial young. Despite extensive information about these developmental patterns in birds (Starck and Ricklefs, 1998) , there has been essentially no emphasis on developmental pattern when choosing models for investigating the effects of toxicants on development in birds. The timing of exposure to toxicants, the developmental stage of particular organs and tissues, and the maturation of endocrine and nervous control can all interact in critical ways to in¯uence the nature of the toxicant effect. In general, developing organisms are more vulnerable to toxicant effects than are adults. Likewise, there arè`c ritical periods'' during which differentiation and organization of speci®c tissues is occurring. Alterations of the hormonal environment during these critical periods can lead to permanent deleterious effects on the organism (see Section 2). Critical periods have received considerable attention in the studies of the effects of reproductive endocrine disruptors in mammals.
Endocrine systems mature at different rates in species with altricial and precocial patterns of development. This can be illustrated by the development of thyroid function in altricial and precocial birds. Thyroid function is critical to the development of many tissues (e.g., central nervous system, musculoskeletal system) and to the control of metabolism and thermoregulation. Altricial birds, which are essentially poikilothermic and relatively immature physiologically at hatch, have little development of thyroid function during embryonic life. In this developmental mode, most of thyroid development occurs posthatch, thermoregulation develops relatively late in nestling life and many body systems only attain functional maturity during the posthatch nestling period. In contrast, in precocial young most thyroid development during the latter half or third of embryonic life, they initiate thermoregulatory responses at hatch and they are physiologically much more mature than altricials (McNabb and Olson, 1996; McNabb et al., 1998) . Thus, the timing of toxicant exposure during development (i.e. in the egg, after hatch, or both) may have different effects on species with these different developmental modes. These differences in developmental patterns argue that not only precocial models (e.g. the chicken embryo) but also altricial models should be developed and used appropriately for the investigation of speci®c toxicants in birds. To date, there have been almost no toxicological or endocrine disruption studies of developmental effects in altrical birds.
9. ADULT MODELS 9.1. Reference sites and sentinel species for wild birds studies Reference sites. In studies of wild birds exposed to environmental contaminants,``true'' controls, i.e., birds from a contaminant-free site, may not be possible because some persistent chemicals are essentially ubiquitous. Thus, reference sites with very low concentrations of the chemical under study are used to provide a``close to control'' framework. In some cases the reference site also must be at some distance from the contaminated sites so habitat differences may be a complicating factor. Sentinel species. The choice of a model for wild bird studies, i.e., a sentinel species, is based on a number of factors relative to the chemical of interest: environmental exposure, species sensitivity, and feasibility considerations about sampling and data collection (Shef®eld et al., 1998) . For example, herring gulls have been used as a sentinel species for studies of pollutant effects in the Great Lakes ecosystem. These birds are a top predator, they are primarily piscivorous and thus are exposed to bioaccumulation of persistent chemicals up the food chain. In addition, herring gulls are widely distributed (holarctic distribution), abundant, year round residents in the Great Lakes and they are moderately sensitive to organochlorines of concern. Herring gulls are colonial, so the contaminant concentrations in their eggs and tissues re¯ect the chemical exposure of the region they inhabit rather than point-source pollution. Likewise, their colonial nesting facilitates counting and sampling of populations. Herring gulls have been monitored in the Great Lakes since the 1960s so a great deal of historical toxicological data is available (Peakell and Fox, 1987; Hebert et al., 1999) .
Consideration of the species to be used (species differences)
It is important to consider a number of issues when deciding which avian model might be appropriate for addressing a given problem. These include the following:
. the biological responsiveness of the species and strain to the given toxicant, . the species that are affected by the toxicant in the environment, . whether the species is a suitable model for commercial poultry, . whether a wild species can be reared in the laboratory or under controlled ®eld conditions, . the extent of the available background literature on a given species.
Studies relevant to wildlife. In cases where the affectedythreatened species species are endangered it generally will not be possible to use that species in investigations of toxicants. Under these circumstances another avian model may to chosen based on evolutionary relatedness and physiological similarity. Relatedness should not be the sole criterion, as marked species differences in responsiveness versus refractoriness to toxicants may occur even within a single genus or family. Researchers studying wild birdsybirds in the natural environment prefer to use Mallard ducks (domesticated) and bobwhite quail rather than chickens as the former species may be exposed to the toxicants in the environment and because they are EPA approved models for wildlife studies. Studies relevant to poultry. For toxicant studies relevant to poultry, it is clearly advisable to use the species, breed, gender, age and diet etc. that would be likely to be exposed to the toxicant. While chickens have been used relatively extensively in toxicological research, much less attention has been focused on turkeys. There are some examples of marked differences in responsiveness between turkeys and chickens that show chickens are not adequate models for all commercially reared species. At the endocrine level, exogenous androgens inhibit growth in young chickens but at similar doses stimulate growth in young turkeys (Fennell and Scanes, 1992; Fennell et al., 1996) . Thus, toxicants that mimic androgens or antagonize androgens would be expected to have different effects in young chickens and turkeys. Likewise, as commercial rearing of ratites becomes more common, the devel-opment of an ostrich or emu model is likely to be necessary. The effect of genetics, within species, on the response to toxicants is emphasized by the ability to genetically select a¯atoxin resistant chickens (Manning et al., 1990) so genetics needs to also be considered in the choice of models andyor in the interpretation of studies with domesticated birds. Availability of baselineybackground information.
The extent of the literature on the species is a consideration in choosing a model. It may not be scienti®cally rewarding to be``re-inventing the wheel'' by having to develop base-line data for a new animal model. However, this may be necessary when previously used models are inappropriate to addressing a new question. Species differences in sensitivity to toxicants. Responsiveness or resistance (refractoriness) to a toxicant varies markedly between different avian species. In general, chickens, including chicken embryos, are the most sensitive to many toxicants, among both those domesticated and wild avian species that have been investigated. For example, based on mortality following exposure to PCB 77 (one of the coplanar, dioxin-like congeners) the rank order of sensitivity for embryos is chickens4turkeys 4eider ducks4domestic ducks. Herring gulls have similar sensitivity to that of ducks while geese are less sensitive than any other domesticated species (Brunstrom 1988; . In studies with dioxin, the rank order of sensitivity is chickens4pigeons4herons (Janz and Bellward, 1996) . Similarly, studies with PCB 126, the most dioxin-like congener, chickens4American kestrels4common terns (Hoffman et al., 1998) . Likewise studies of the effects of aluminum and acidity in two kinds of ducks and in chickens show the same differences in species sensitivity to chemicals. The effects of acidyaluminum toxicity have been studied in the ®eld (black ducks reared on acidi®ed wetlands (Rattner et. al., 1987) and in the laboratory (domesticated mallard ducks, Capdevielle and Scanes, 1995b; rapidly growing, broiler chickens, Capdevielle and Scanes, 1995a) . The growth of broiler chicks was decreased by treatment with dietary sulfuric acid or aluminum sulfate but the treatment had no discernable effect (sulfuric acid) or a lesser effect on growth (aluminum sulfate) of the mallard ducks. Similarly, calciumyphosphorus metabolism also appears to be more sensitive to toxic effects of aluminum and acidity in broiler chicks than in mallard ducks (Capdevielle et al., 1998) . For additional details of these studies see Sections 4.1, 7.1 and Table 6 .
The sensitivity of chickens to toxicants, coupled with the wealth of background information about them and the ease of care, provides support to the contention that chickens are good models for many types of research on pollutant chemicals. Conclusions from toxicant research on chickens should lead to decisions that are protective of other species of birds.
PROMISING NEW APPROACHES
While avian models have been used extensively to examine toxicology of environmental contaminants, there are systems that have not been used in the context of toxicology and endocrine disruption. A number of potential systems are proposed below. These are suggested based on one of the following: utility generally as a model, applicability to poultry production andyor applicability to wild birds.
Shell-less egg
Avian embryos can develop in shell-less culture (e.g. Richards, 1982) and this system has potential for examining acute and chronic toxicity in the absence of the shell. Obviously the absence of the shell facilitates observation of the embryo and blood/tissue sampling. This model has been used effectively in the study of development, particularly of the endocrine control of mineral homeostasis (Murphy et al., 1986; Packard and Clark, 1987; Selleck, 1996) . However, there are abnormalities associated with shell-less embryos, including a diabetic-like condition (McMurtry et al., 1989) and shifts in circulating concentrations of hormones including corticosterone (McMurtry et al., 1991) . Thus, use of this model has limitations for certain types of studies. Shell-less culture of avian embryos has yet to be employed for toxicological studies.
Continuous-¯ow administration of toxicants to avian embryos
It is possible to continuously administer a hormone, toxicant or nutrient to a chick embryo by use of à`w ick'' linking the solution of the agent with the chorio-allantoic membrane (exposed by drilling a hole in the shell). It is of note that continuous-¯ow administration of glucocorticoids (or ACTH) to chick embryos induces the hepatic detoxifying, enzyme UDP gluronyltransferase (Wishart and Dutton, 1974; Leakey and Dutton, 1975) . It is suggested that toxicants may also induce or suppress this or other enzymesyproteins via changes in gene expression (see below) or post-translational effects.
Gene microarrays
Microarrays are now beginning to be utilized extensively in assessing toxicity Nuwaysir et al., 1999; Bartosiewicz et al., 2000; 2001; Burczynski et al., 2000; Wildsmith and Elcock, 2001) . These can provide a molecular``®nger-print'' of how a speci®c toxicant in¯uences gene expression. This approach is being referred to as toxicogenomics (e.g. Nuwaysir et al., 1999) . It has been used with either human microarrays and hepatoma cells exposed to toxicants in culture (e.g. Bartosiewicz et al., 2001) or rat microarrays and in vivo andyor in vitro studies. Rat microarrays for ®ngerprinting gene expression in response to toxicants are available commercially and have been used in toxicological research (Fielden et al., 2002) .
At this time, we are unaware of microarrays being used with any avian systems. However, the rapid progress, in sequencing expressed sequence tags (ESTs) from the chicken genome, opens the possibility of using this powerful technique to examine effects of toxicants on gene expression in birds. Initial studies might focus on two tissues ± the liver and small intestine. There is a strong case for determining the molecular or gene expression``®ngerprint'' for toxicants in the liver as the most metabolically active detoxifying tissue and the ®rst organ that receives absorbed nutrients and other compounds from the small intestine. In addition, effects on the small intestine should be considered as cells of this organ are exposed to toxicants prior to potential absorption. In tandem with the generation of expression``®nger-prints'', bioinformatics provides tools to address the extremely large quantities of data generated by toxicogenomics.
Proteomics
Toxicogenomics (microarrays) provide a means of obtaining a molecular``®ngerprint'' of gene expression in response to a speci®c toxicant. A limitation of toxicogenomics is that the concentrations of proteins (e.g. enzymes) in a tissue are regulated both transcriptionally and post-transcriptionally. Moreover, the protein can be subject to post-translational changes (e.g. phosphorylation, glycosylation, cleavage, etc.). It is reasonable to suggest that the techniques of proteomics (2D gel electrophoresis followed by mass-spectrometry) will be applied to toxicology. This might be referred to as toxicoproteomics. There is every reason to believe that this will be employed using avian models. Its advantages include the following. It is not dependent on the production of speci®c antibodies as tools as is the case for radioimmunoassays, ELISA, western blots and chemiluminescence assays, etc. It is not dependent on having sequenced ESTs as is the case for macroarrays and microarrays Amino-acid residue sequence data obtained from mass-spectrometry can be readily compared to the sequence deduced from ESTs from other species and published sequences in the chicken. While proteomics is a very powerful approach, there are some disadvantages of the approach. These include lack of knowledge of the functions and inter-relations of the multiple proteins, the huge amount of data generated and the need for accepted statistical tools. The problem of the quantity of data generated can be approached by bioinformatics approaches.
Metabolomics
While both toxicogenomics and toxicoproteomics have tremendous scope for toxicological research with birds and mammals, they have disadvantages. These include relating the data generated to the physiology of the animal. A further tool is metabolomics in which the concentrations of large numbers of metabolitesyintermediates are determined in key organs, such as the liver or skeletal muscle, following treatment of the bird with the toxicant of interest. This may be referred to a toxicometabolomics.
